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This work reports the first investigation on the use of EDDS as chelating agent in photoelectro-9 
Fenton (PEF) treatment of water at near-neutral pH. As a case study, the removal of the 10 
antidepressant fluoxetine was optimized, using an electrochemical cell composed of an IrO2-based 11 
anode an air-diffusion cathode for in-situ H2O2 production. Electrolytic trials at constant current 12 
were made in ultrapure water with different electrolytes, as well as in urban wastewater (secondary 13 
effluent) at pH 7.2. PEF with Fe(III)–EDDS (1:1) complex as catalyst outperformed electro-Fenton 14 
and PEF processes with uncomplexed Fe(II) or Fe(III). This can be explained by: (i) the larger 15 
solubilization of iron ions during the trials, favoring the production of •OH from Fenton-like 16 
reactions between H2O2 and Fe(II)–EDDS or Fe(III)–EDDS, and (ii) the occurrence of Fe(II) 17 
regeneration from Fe(III)–EDDS photoreduction, which was more efficient than conventional 18 
photo-Fenton reaction with uncomplexed Fe(III). The greatest drug concentration decays were 19 
achieved at low pH, using only 0.10 mM Fe(III)–EDDS in a 1:1 molar ratio, although complete 20 
removal in wastewater was feasible only with 0.20 mM Fe(III)–EDDS due to the greater formation 21 
of •OH. The effect of the applied current and anode nature was rather insignificant. A progressive 22 
destruction of the catalytic complex was unveiled, whereupon the mineralization mainly progressed 23 
thanks to the action of •OH adsorbed on the anode surface. Despite the incomplete mineralization 24 
using BDD as the anode, a remarkable toxicity decrease was determined. Fluoxetine degradation 25 
yielded F− and NO3− ions, along with several aromatic intermediates. These included two chloro-26 
organics, as a result of the anodic oxidation of Cl− to active chlorine. A detailed mechanism for the 27 
Fe(III)–EDDS-catalyzed PEF treatment of fluoxetine in urban wastewater is finally proposed. 28 
Keywords: Ethylenediamine-N,N'-disuccinic (EDDS) acid; Fluoxetine; Gas-diffusion electrode; 29 
Hydrogen peroxide; Photoelectro-Fenton; Urban wastewater 30 
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1. Introduction 32 
 Fenton’s reaction (reaction (S1) in Table S1) has promoted the development of one of the most 33 
successful subtypes within the advanced oxidation processes (AOPs) for the degradation of organic 34 
pollutants in water (Brillas et al., 2009; Zhou et al., 2018). Indeed, Fenton process allows their fast 35 
removal thanks to the production of •OH in the bulk solution, showing great potential to be 36 
integrated as a tertiary treatment in urban wastewater treatment facilities (WWTFs) (Zhang et al., 37 
2019). Nevertheless, the risk, environmental impact and cost related to H2O2 synthesis, storage, 38 
transportation and handling is a major handicap. Fortunately, electrolyzers for in-situ H2O2 39 
production from the two-electron reduction of gaseous O2 (reaction (1)) have been devised in recent 40 
years (Brillas et al., 2009) and, among them, those equipped with a carbon-based air-diffusion 41 
cathode yield the largest accumulation of this oxidant upon facile modulation of input current (Sirés 42 
et al., 2007; Galia et al., 2016; Roth et al., 2016; Lanzalaco et al., 2017; Coria et al., 2018; Pérez et 43 
al., 2018). 44 
O2(g)  +  2 H+  +  2 e−  →  H2O2         (1) 45 
 In the most simple configuration of electrochemical AOPs, a cathode with ability to 46 
electrogenerate H2O2 is combined with boron-doped diamond (BDD) (Panizza and Cerisola, 2009; 47 
Martínez-Huitle et al., 2015; Clematis et al., 2017) or a dimensionally stable anode (DSA®) based 48 
on IrO2 (Scialdone et al., 2009; Lanzalaco et al., 2017, 2018) or RuO2 (Ribeiro and De Andrade, 49 
2004; Xu et al., 2017). Such high oxidation power anode materials (M) allow the production of 50 
adsorbed M(•OH) via water oxidation, giving rise to the electro-oxidation (EO) process. If iron 51 
catalyst is present in the contaminated solution, the process is so-called electro-Fenton (EF). The 52 
Fe(II) regeneration is feasible from Fe(III) reduction when a large surface area cathode like carbon 53 
felt is employed (El-Ghenymy et al., 2014; Yahya et al., 2014; Yang et al., 2019). A more effective 54 
Fe(II) regeneration route, compatible with all kinds of cathode materials, arises from Fe(III) 55 
photoreduction. Classical photo-Fenton reaction (2) at optimum pH ~ 2.8 involves the continuous 56 
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reduction of hydrated Fe3+ ion with concomitant •OH production, thanks to ligand-to-metal charge 57 
transfer (LMCT) occurring under UVA irradiation. Accordingly, photoelectro-Fenton (PEF) 58 
process has experienced an intense development with outstanding results (Flores et al., 2016; Steter 59 
et al., 2016; Komtchou et al., 2017; Alcocer et al., 2018; Aveiro et al., 2018; Vidal et al., 2018; 60 
Wang et al., 2018; Oriol et al., 2019). 61 
[Fe(OH)]2+  +  hν  →  Fe2+  +  •OH           (2) 62 
 EF and PEF have been proven very successful at acidic pH, which is mainly due to total 63 
solubilization of iron ions. Conversely, higher pH results in a considerable efficiency loss because 64 
of iron precipitation. For some time this has been an obstacle, impeding the application to urban 65 
wastewater treatment, but two smart solutions are currently available: (i) heterogeneous Fenton 66 
processes, employing iron catalyst in solid form (Zhou et al., 2018), and (ii) modified homogeneous 67 
Fenton processes, employing chelated iron as a soluble species (Clarizia et al., 2017). A priori, the 68 
latter option seems more appealing because it is expected to yield faster removals. 69 
 Only some few recent articles have assessed the performance of EF and PEF in urban 70 
wastewater, although chelated iron has never been used (Komtchou et al., 2015; Ridruejo et al., 71 
2018; Guelfi et al., 2019a; Villanueva-Rodríguez et al., 2019; Ye et al., 2019a). Note that, in this 72 
kind of complex water matrix, the oxidation of Cl− anion at the anode surface yields additional 73 
oxidants like active chlorine (Cl2 and ClO−) along with chlorine radicals (Table S1) (Panizza and 74 
Cerisola, 2009). Carboxylates like oxalate and citrate have been two widely used chelating agents in 75 
non-electrochemical Fenton treatments (Ye et al., 2019c). However, polydentate ligands like 76 
nitrilotriacetic (NTA), ethylenediaminetetraacetic (EDTA) and ethylenediamine-N,N'-disuccinic 77 
(EDDS) acids seem more interesting to ensure iron complexation (Clarizia et al. 2017). 78 
Furthermore, they enhance the LMCT because of their typically higher molar absorption 79 
coefficients in the near-UV and visible regions. Among polydentate ligands, EDDS is advantageous 80 
for photo-Fenton process. It forms soluble Fe(II)–EDDS and Fe(III)–EDDS complexes at a wide pH 81 
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range, favoring the occurrence of reactions (3) and (4) at near-neutral pH that mimic Fenton’s 82 
reaction (S1) and Fenton-like reaction (S2) (Zhang et al., 2016). Note that superoxide radical (O2•−) 83 
originated in the latter reaction is transformed into HO2• at pH > 4.8-4.9 (reaction S9). 84 
Fe(II)–EDDS  +  H2O2  →  Fe(III)–EDDS  +  •OH  +  OH−     (3) 85 
Fe(III)–EDDS  +  H2O2  →  Fe(II)–EDDS  +  O2•−  +  2H+      (4) 86 
 In spite of being a structural isomer of the persistent pollutant EDTA (Yuan and VanBriesen 87 
2006), it is considered a biodegradable substance. Mailhot and co-workers introduced for the first 88 
time EDDS in Fenton and photo-Fenton processes (Huang et al., 2012, 2013; Li et al., 2010; Wu et 89 
al., 2014). Since then, only some few works have explored the degradation of organic 90 
micropollutants by Fe(III)–EDDS-assisted photo-Fenton (Papoutsakis et al., 2015) and solar photo-91 
Fenton (Soriano-Molina et al., 2018, 2019; Cuervo Lumbaque et al., 2019). It has been 92 
demonstrated that photo-Fenton-like reaction (5) exhibits a much higher quantum yield than 93 
conventional photo-Fenton reaction (2): 0.017 for the latter at 360 nm (Safarzadeh-Amiri et al., 94 
1997) versus 0.10 for the former at 290-400 nm (Wu et al., 2014). In addition, the Fe(III)–EDDS 95 
complex is able to absorb in the visible region. 96 
Fe(III)–EDDS  +  hν  →  Fe2+  +  EDDS•+          (5) 97 
 Based on these positive features, it is expected that Fe(III)–EDDS complex is also 98 
advantageous in PEF process. We have recently elucidated the mechanism of EF treatment with 99 
Fe(III)–EDDS (Ye et al., 2019b), but there is no article that discusses its particularities in PEF and 100 
the further application to the removal of pharmaceuticals in urban wastewater matrices. The 101 
occurrence of pharmaceutical residues and their transformation products in water, which mainly 102 
results from the absence or inefficiency of treatments at WWTFs (Bagnis et al., 2018; Kümmerer et 103 
al., 2019), has become a big obstacle to global water quality, posing serious threats to humans and 104 
ecosystems. Prozac® is one of the top-selling antidepressants worldwide, being the fluorinated 105 
molecule fluoxetine its active ingredient. This pollutant has been detected in effluents from WWTFs 106 
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in the Baltic Sea (UNESCO, 2017). In Canada and China, fluoxetine has been detected in effluents 107 
from WWTFs and freshwater at ng L-1 level (Jennifer Ebele et al., 2017), being also detected in 108 
marine environment (Mezzelani et al., 2018). Fluoxetine has a proven ecotoxicological impact at 109 
environmental level (Desbiolles et al., 2018) and, as a result, it has been included in some list of 110 
priority substances (Jennifer Ebele et al., 2017). Several electrochemical technologies have been 111 
developed in recent years to enhance the removal of pharmaceuticals from water (Brillas and Sirés, 112 
2015). In particular, fluoxetine was treated by EO with TiO2 and PbO2 (Wang et al., 2018). The 113 
great performance of EF and PEF has also been ascertained, using a BDD/air-diffusion cell, but 114 
only in a model aqueous matrix with 0.050 M Na2SO4 at pH 3.0 (Salazar et al., 2017). 115 
 To our knowledge, this is the first study dedicated to the Fe(III)–EDDS-catalyzed PEF process, 116 
which has been applied to the treatment of the pharmaceutical fluoxetine at circumneutral pH. The 117 
degradation performance was evaluated from high-performance liquid chromatography (HPLC) and 118 
total organic carbon (TOC) data. Most of the electrolyses have been carried out using an IrO2/air-119 
diffusion cell at constant current, both in urban wastewater and in model matrices to better assess 120 
the effect of key parameters like catalyst source, Fe(III)–EDDS dosage, Fe(III):EDDS ratio, pH or 121 
applied current on the concentrations of Fe(II) and Fe(III), Fe(III)–EDDS complex and H2O2. The 122 
main reaction by-products were identified by gas chromatography-mass spectrometry (GC-MS) and 123 
ion chromatography, whereas toxicity was assessed from Microtox® analysis. 124 
2. Experimental 125 
2.1. Chemicals 126 
 Fluoxetine hydrochloride (certified reference material) was purchased from Sigma-Aldrich. 127 
Sodium sulfate, heptahydrated iron(II) sulfate, sulfuric acid (96-98% solution) and sodium 128 
hydroxide pellets were of analytical grade from Merck, Panreac and J.T. Baker. Fe(ClO4)3 and 129 
EDDS trisodium salt solution (~ 35% aqueous solution) used to prepare the catalytic complex were 130 
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purchased from Sigma-Aldrich. TiOSO4 and 1,10-phenanthroline monohydrate employed for H2O2 131 
and dissolved iron quantification, respectively, were from Sigma-Aldrich and Alfa Aesar. All the 132 
other chemicals were of analytical or HPLC grade supplied by Merck and Panreac. 133 
2.2. Aqueous matrices employed to dissolve fluoxetine hydrochloride 134 
 The electrolytic trials were made with 150 mL of two different kinds of solutions: 135 
 (i) 0.050 M Na2SO4 in Millipore Milli-Q water (resistivity > 18 MΩ cm at 25 ºC), whose 136 
natural pH was around 5.7; 137 
 (ii) wastewater collected from the secondary effluent of a WWTF placed near Barcelona, at 138 
natural pH 7.2. Before use, the wastewater was preserved in a refrigerator at 4 ºC, which allowed 139 
making all the experiments with water from the same batch. This urban wastewater had a specific 140 
conductivity of 1.35 mS cm-1, total carbon content of 119.5 mg L-1 and TOC of 9.3 mg L-1. The 141 
concentration of cations was: 0.11 mg L-1 Fe2+, 33.9 mg L-1 Mg2+, 94.0 mg L-1 Ca2+, 46.8 mg L-1 K+ 142 
and 315.9 mg L-1 Na+. The content of anions was: 4.2 mg L-1 NO2−, 16.9 mg L-1 NO3−, 569.8 mg L-1 143 
Cl− and 128.4 mg L-1 SO42−. In most of the experiments, the wastewater was first conditioned: it 144 
was acidified to pH around 2.0 using H2SO4 solution; then, the volatile compounds where stripped 145 
under nitrogen stream, and pH was re-established with NaOH solution. Table S2 summarizes the 146 
seven organic compounds clearly identified in this aqueous sample. 147 
 When required, fluoxetine hydrochloride was spiked into the aqueous matrices at 0.049 mM 148 
(i.e., 10 mg L-1 TOC). For the preparation of the Fe(III)–EDDS (1:1) complex, 10 mM Fe(ClO4)3 149 
and 10 mM EDDS solutions were prepared and stored in amber glass bottles. For each experiment, 150 
a fresh complex was prepared by mixing equal volumes in the dark. The mixture was stirred for 3 151 
min, thereby withdrawing a small volume that was added to the fluoxetine solution. A similar 152 
procedure was followed to prepare complexes with other Fe(III):EDDS ratios. In some cases, 153 
FeSO4 and Fe(ClO4)3 were used as uncomplexed catalysts for comparison. 154 
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2.3. Electrochemical systems 155 
 All the experiments were made in an undivided, jacketed glass cell. The cell contained 150 mL 156 
of contaminated solution, thermostated at 25 ºC and stirred with a magnetic PTFE follower at 700 157 
rpm, and a pair of electrodes (each of them with 3 cm2 immersed geometric area) separated 1 cm 158 
from each other. A sketch of a similar setup can be seen elsewhere (Oriol et al., 2019). The air-159 
diffusion cathode, made of carbon-PTFE on carbon cloth (Sainergy Fuel Cell), was continuously 160 
fed with air at 1 L min-1 to ensure the H2O2 electrogeneration. Three different anodes were 161 
employed in this study: Ti|IrO2-based and Ti|RuO2-based plates purchased from NMT Electrodes, 162 
and a Si|BDD plate from NeoCoat. Constant current was applied between the anode and cathode by 163 
means of an Amel 2049 potentiostat-galvanostat, whereas the voltage between both electrodes was 164 
continuously monitored on a Demestres 601BR digital multimeter. Prior to first use, all the 165 
electrodes were activated upon electrolysis in a 0.050 M Na2SO4 solution at 300 mA for 180 min. In 166 
all trials, except in UVA photolysis and EO, iron sources were added as catalyst. In UVA photolysis 167 
and PEF, the solution was irradiated with UVA light (λmax = 360 nm, irradiance of 5 W m-2 as 168 
measured with a Kipp&Zonen CUV 5 UV radiometer) provided by a 6-W Philips TL/6W/08 black 169 
light blue fluorescent tube placed at 7 cm above the liquid surface. 170 
2.4. Analytical methods 171 
 The electrical conductance of the raw wastewater was determined with a Metrohm 644 172 
conductometer. The pH of all solutions, before and after the trials, was measured with a Crison GLP 173 
22 pH-meter. All subsequent analyses were carried out after filtration of the samples with PTFE 174 
filters (0.45 μm) from Whatman. The concentration of H2O2 accumulated during the 175 
electrochemical assays was determined spectrophotometrically, since it formed a yellow complex 176 
with a Ti(IV) reagent that presented a maximum absorbance at λ = 408 nm (Welcher, 1975). A 177 
Unicam UV/Vis device thermostated at 25 ºC was employed for these analyses, as well as for 178 
dissolved iron quantification. The total dissolved Fe(II) concentration was determined at λ = 510 179 
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nm upon direct reaction with 1,10-phenanthroline, whereas Fe(III) was determined in the same 180 
manner after mixing with ascorbic acid since this allows quantifying the total dissolved iron content 181 
upon complete conversion of Fe(III) into Fe(II). The TOC content of the samples was immediately 182 
measured after collection, using a Shimadzu TOC-VCSN analyzer that yielded values with ±1% 183 
accuracy. A Shimadzu TNM-1 unit coupled to the previous analyzer allowed the determination of 184 
total nitrogen (TN). 185 
 The decay of fluoxetine concentration was assessed by reversed-phase HPLC after preserving 186 
the withdrawn samples by dilution with acetonitrile. This analysis was made by injecting the diluted 187 
samples into a Waters 600 liquid chromatograph equipped with a BDS Hypersil C18 5μm (250 mm 188 
× 4.6 mm) column at 25 ºC and coupled to a Waters 996 photodiode array detector selected at λ = 189 
227 nm. A 50:50 (v/v) CH3CN/H2O (0.010 M KH2PO4) mixture at pH 3.0 was eluted at 1.0 mL 190 
min-1 as mobile phase, allowing the detection of fluoxetine at retention time tr = 13.2 min. The 191 
concentration of the Fe(III)–EDDS complex was determined with the same equipment but using a 192 
solution with 2 mM tetrabutylammonium hydrogensulfate and 15 mM sodium formate as the 193 
aqueous phase at pH 4.0, which was mixed with methanol (95:5, v/v) and eluted at 0.8 mL min-1 as 194 
mobile phase. The detector was set at 240 nm and the complex appeared at tr = 10.7 min. All trials 195 
for HPLC analysis were made twice, and samples were injected at least in duplicate. Average 196 
values with the corresponding error bars are reported in the figures. 197 
 The concentration of accumulated inorganic ions was obtained by ion chromatography using a 198 
Shimadzu 10Avp liquid chromatograph fitted with a Shim-Pack IC-A1S (100 mm × 4.6 mm) anion 199 
column at 40 ºC, coupled to a Shimadzu CDD 10Avp conductivity detector. Measurements were 200 
conducted with a solution composed of 2.4 mM tris(hydroxymethyl)aminomethane and 2.6 mM 201 
phthalic acid, at pH 4.0, eluted at 1.5 mL min-1 as mobile phase. Peaks appeared at tr of 1.75 min 202 
(F−), 2.5 min (Cl−) and 4.0 min (NO3−). The NH4+ concentration was obtained as reported elsewhere 203 
(Guelfi et al., 2019b). 204 
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 The concentration of metal cations in the real wastewater and total dissolved iron during the 205 
trials was analysed by inductively coupled plasma optical emission spectroscopy (ICP-OES) using 206 
an Optima 3200L spectrometer from Perkin Elmer. 207 
 To assess the toxicity of untreated and treated solutions, acute bioluminescence inhibition 208 
assays were performed using the marine bacteria Vibrio fischeri. First, all the collected samples 209 
were treated to adjust their pH to 7.0, being subsequently diluted. The acute ecotoxicity was 210 
measured after 15 min of incubation at 25 °C using an AFNOR T90-301 Microtox® system. The 211 
bioluminescent bacteria and other reagents were supplied by Modern Water and the analysis was 212 
conducted following the standard procedure recommended by the manufacturer. Results obtained 213 
are expressed as EC50 (in mg L−1), which accounts for the concentration of solution at a given 214 
electrolysis time that causes the reduction of the 50% of bioluminescence intensity upon contact 215 
with the bacteria for 15 min. 216 
 Organic compounds contained in the real wastewater, as well as stable organic by-products 217 
accumulated during the electrochemical treatment of fluoxetine either in 0.050 M Na2SO4 or 218 
conditioned wastewater were identified by GC-MS, comparing with NIST05 database. The organic 219 
components were extracted with 75 mL of CH2Cl2 in three times, followed by thorough drying over 220 
anhydrous Na2SO4, filtration and concentration under reduced pressure. The analysis was carried 221 
out on a 6890N gas chromatograph coupled to a 5975C mass spectrometer, both from Agilent 222 
Technologies, in EI mode at 70 eV. Non-polar Teknokroma Sapiens-X5ms and polar HP 223 
INNOWax columns (0.25 µm, 30 m × 0.25 mm) were employed. The temperature was increased 224 
from 36 ºC (1 min), up to 320 ºC (hold time of 10 min) for the former and 250 ºC for the latter, at 5 225 
ºC min-1, with the inlet and source at 250 and 230 ºC. The transfer line was at 280 ºC or 250 ºC, 226 
respectively. 227 
3. Results and discussion 228 
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3.1. Fluoxetine degradation in 0.050 M Na2SO4 solutions at near-neutral pH 229 
3.1.1. Comparative fluoxetine degradation by different methods 230 
 Since the main goal of this work was to employ the Fe(III)–EDDS complex as a photoactive 231 
catalyst in PEF process assisted with UVA light, its stability was first assessed in 0.050 M Na2SO4 232 
medium at natural pH ~ 5.7, both in the dark and under UVA irradiation (Fig. S1). The 1:1 ratio 233 
was selected because it is presumed as the most photoactive (Wu et al., 2014). Fig. S1a highlights 234 
the high stability of the catalytic complex for 60 min in the dark at near-neutral pH. Conversely, in 235 
Fig. S1b, the great photoactivity of the Fe(III)–EDDS complex is evidenced, thus confirming the 236 
occurrence of photo-Fenton-like reaction (5). 237 
 In Fig. 1, the degradation of 0.049 mM fluoxetine in 0.050 M Na2SO4 medium at natural pH ~ 238 
5.7 upon the application of different treatments is compared. Fig. 1a shows the null effect of UVA 239 
radiation alone, as expected from the absence of absorption of fluoxetine at such wavelength. In 240 
contrast, a substantial decay of 34% at 60 min was achieved in an analogous trial made in the 241 
presence of 0.1 M Fe(III)–EDDS (1:1) complex. The absence of cathodic H2O2 production could 242 
presumably discard the contribution of Fenton-based reactions (see Fig. S2 for a more detailed 243 
explanation). Therefore, the destruction of fluoxetine can be explained by the oxidative action of 244 
two types of radicals: (i) EDDS•+, which is formed along with Fe2+ via reaction (5), and pre-245 
eminently (ii) O2•−, whose presence has been confirmed from reaction (6) in aerated solutions at 246 
near-neutral pH (Hayyan et al., 2016). 247 
Fe2+  +  O2  →  Fe3+  +  O2•−           (6) 248 
 All the other trials included in Fig. 1 were carried out using the IrO2/air-diffusion cell at 50 249 
mA. In the absence of catalyst (EO process), a poor drug disappearance of 24% was attained, as a 250 
result of the low oxidation power of IrO2(•OH) radicals and their confinement in the electrode 251 
vicinity. Moreover, IrO2(•OH) was consumed to a large extent in the oxidation of H2O2, whose 252 
concentration was high and greater than that from fluoxetine because of the use of the efficient air-253 
12 
 
diffusion cathode (see below). In contrast, a very small addition of Fe(III)–EDDS complex to the 254 
initial solution caused a great enhancement of fluoxetine concentration decay, reaching 69% at 60 255 
min. This was due to the production of a large amount of O2•− from reaction (4), which is in 256 
equilibrium with its protonated form, HO2•. In this EF process, the catalytic complex mainly existed 257 
as Fe(III)–EDDS, because the air-diffusion cathode has low ability for its electroreduction (Ye et 258 
al., 2019b). However, Fe(II)–EDDS formed as product in reaction (4) was able to react with H2O2 259 
and generate •OH via reaction (3). The final drug concentration decay in EF process when the 260 
chelated complex was replaced by FeSO4 was also partial, although slightly higher (72%) and with 261 
a steeper profile, especially in the first minutes. Four factors could contribute to this behavior: (i) 262 
the presence of hydrated Fe2+ ions from the beginning promoted the production of •OH from 263 
Fenton’s reaction (S1); (ii) the oxidation of Fe2+ to Fe3+ from reaction (6) yielded O2•−; (iii) the low 264 
solubility of Fe2+ and Fe3+ at near-neutral pH caused the precipitation of most of the iron as 265 
Fe(OH)3, which could favor the fluoxetine disappearance by coagulation and heterogeneous 266 
Fenton’s reaction (see subsection 3.2); and (iv) the absence of a competing target like EDDS 267 
allowed the action of all radicals and coagulants simply on fluoxetine (and its intermediates). 268 
 Fig. 1b reveals the greater performance of all PEF treatments. Up to 88% fluoxetine was 269 
removed at 60 min using FeSO4 in the absence of EDDS, although the profile during the first 10 270 
min was very similar to that obtained in EF with the same catalyst (Fig. 1a). This means that in that 271 
stage, the predominant degradation mechanism was the oxidation with the very oxidizing •OH 272 
formed from conventional Fenton’s reaction. After 10 min, UVA light in PEF allowed the 273 
continuous regeneration of Fe2+ from dissolved Fe3+ according to photo-Fenton reaction (2). 274 
Coagulation and heterogeneous Fenton’s reaction with Fe(OH)3 and oxidation by less powerful 275 
radicals mentioned above could also contribute to gradual drug disappearance. A similar fluoxetine 276 
concentration decay (83%) but with much lower conversion rate was observed using Fe(ClO4)3 as 277 
catalyst. This agrees with the previous treatment, since the mechanism was exactly the same but the 278 
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absence of hydrated Fe2+ from the beginning impeded a faster initial fluoxetine disappearance. 279 
Finally, PEF with 0.1 mM Fe(III)–EDDS (1:1) complex was clearly superior to all the other 280 
treatments, being the only one that led to total drug abatement at 60 min. The used of chelated 281 
Fe(III) was advantageous because: (i) it kept a higher amount of dissolved iron for longer time, in 282 
contrast to EF and PEF without EDDS, and (ii) the UVA radiation allowed that the main form of 283 
such dissolved iron was Fe(II)–EDDS, in contrast to all the EF systems. This resulted in the largest 284 
production of •OH via reaction (3), which degraded most of the fluoxetine molecules prior to 285 
significant degradation of EDDS (see Fig. S2). The contribution of additional routes like 286 
coagulation, heterogeneous Fenton’s reaction and oxidation with other radicals cannot be discarded 287 
either, since they could justify that the degradation was almost as fast as that previously achieved 288 
for 0.049 mM fluoxetine with 0.050 M Na2SO4 at pH 3.0 by PEF using a BDD/air-diffusion cell at 289 
a much higher current (300 mA) (Salazar et al., 2017). The inset panel in Fig. 1b shows the pseudo-290 
first-order kinetics in PEF with Fe(III)–EDDS, yielding an apparent rate constant k1 = 0.0986 min-1 291 
(R2 = 0.987). 292 
3.1.2. Evolution of iron ions, dissolved iron and generated H2O2 293 
 In order to better explain the trends of most of the aforementioned treatments, the evolution of 294 
concentrations of Fe(II), Fe(III), dissolved iron and H2O2 is depicted in Fig. S2a-c, whereas the 295 
normalized Fe(III)–EDDS concentration can be seen in Fig. S2d. In UVA photolysis with 0.10 mM 296 
Fe(III)–EDDS, the almost complete photoreduction of chelated Fe(III) to Fe2+ can be deduced from 297 
Fig. S2a,b, thus confirming the occurrence of photo-Fenton-like reaction (5) as discussed in Fig. 1a. 298 
In 30 min, 91% of Fe(III) was transformed into Fe2+. The rest was soluble Fe(III), rather in 299 
uncomplexed form because Fig. S2d highlights the total disappearance of the Fe(III)–EDDS 300 
complex at 60 min. Worth noting, Fig. S2c shows the accumulation of a low amount of H2O2 in this 301 
process. This phenomenon can be explained by reaction (S5), promoted by O2•−, and suggests that 302 
fluoxetine decay in UVA photolysis (Fig. 1a) was also due to the action of •OH formed from 303 
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Fenton’s reaction. Since EDDS•+ was also generated from reaction (5), the H2O2 accumulation 304 
could also be largely attributed to reaction (7) (Wu et al., 2014). 305 
EDDS•+  +  O2  →  EDDSOX  +  H2O2        (7) 306 
 In Fe(III)–EDDS-catalyzed EF, Fig. S2a,b confirm that the prevailing iron form was Fe(III), 307 
with only a minor production of Fe(II). In fact, from Fig. S2d, it is clear that such ion mainly 308 
existed as Fe(III)–EDDS. Furthermore, the iron precipitation was particularly evident from 30 min, 309 
losing 42% of dissolved iron at the end of the treatment. The presence of only a very low amount of 310 
•OH, formed as explained above, preserved the integrity of the Fe(III)–EDDS, but turned out to be 311 
detrimental for fluoxetine degradation (Fig. 1a). In PEF with Fe(ClO4)3 as catalyst, the most 312 
relevant feature was the very low dissolved iron concentration at time zero (i.e., 1.5 mg L-1), which 313 
matched almost perfectly with Fe(III) concentration and decayed even more along the electrolysis. 314 
This suggests that fluoxetine concentration decay described for this process in Fig. 1b could be 315 
mainly due to coagulation with solid Fe(OH)3. The H2O2 trends in Fig. S2c support this idea, 316 
because the profiles for EF with Fe(III)–EDDS, PEF with Fe(ClO4)3 and EO were almost 317 
coincident, which means that the reactions between H2O2 and complexed Fe(III)–EDDS (i.e., 318 
Fenton-like reaction) or precipitated Fe(OH)3 (i.e., heterogeneous Fenton’s reaction) were not so 319 
relevant. Finally, the aforementioned superiority of Fe(III)–EDDS-catalyzed PEF can be understood 320 
from Fig. S2a-d. This treatment allowed the accumulation of up to 1.7 mg L-1 Fe(II) (i.e., ∼30% 321 
Fe(III) photoreduction from reaction (5), Fig. S2a) in 20 min, whereupon this content decayed 322 
progressively because of the gradual iron precipitation (Fig. S2b) and the almost total disappearance 323 
of the very photoactive Fe(III)–EDDS complex (Fig. S2d). Hence, in the absence of enough EDDS, 324 
coagulation with Fe(OH)3 probably contributed to fluoxetine disappearance (Fig. 1b). Note that as a 325 
result of the greater presence of Fe(II) in this treatment, which stimulated Fenton’s reaction, the 326 
accumulated H2O2 concentration was lower than in the previous processes (3.5 mM vs ≥ 5.0 mM, 327 
Fig. S2c). It is interesting to observe that fluoxetine (and its reaction intermediates) played a 328 
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protective role that enhanced the catalytic power of PEF process, as deduced when the latter 329 
treatment was carried out in the absence of the drug. In that trial, the Fe(III)–EDDS complex 330 
disappeared much more quickly (Fig. S2d), because the •OH formed once the Fe2+ was 331 
photoregenerated mainly participated in the destruction of EDDS. This led to a much faster iron 332 
precipitation (Fig. S2b), with a consequently poor Fe(II) regeneration (Fig. S2a). 333 
 Aiming to clarify the role of oxidizing radicals during the fast degradation of fluoxetine by the 334 
Fe(III)–EDDS-catalyzed PEF treatment, the experiment discussed in Fig. 1b was performed in the 335 
presence of a radical scavenger. As can be seen in Fig. S3, the use of p-benzoquinone as a well-336 
known O2•− scavenger (k2 ∼ 1×109 M-1 s-1) caused a slow and evident deceleration of the drug 337 
degradation, only attaining 88% degradation at 60 min. This trend suggests the participation of O2•− 338 
as oxidant in this PEF process, being mainly produced upon Fe(III)–EDDS photolysis with UVA 339 
light as explained in Fig. 1a. However, Fig. S3 allows confirming that the prevalent radical was 340 
•OH because an analogous trial in the presence of tert-butanol as single scavenger (k2 = 6.8×109 M-1 341 
s-1) revealed the very slow fluoxetine concentration decay, with a disappearance of 17% as maximal 342 
at the end of the electrolysis. 343 
3.1.3. Detection of inorganic ions and effect of experimental variables during PEF treatment 344 
 In order to have a first idea about the changes undergone by the fluoxetine structure during the 345 
PEF treatment with chelated iron, the inorganic ions accumulated in solution were analyzed. A 346 
higher drug concentration as compared to all previous trials, i.e., 0.098 mM, was employed to allow 347 
a more accurate quantification. Considering that the pollutant was in the form of hydrochloride, this 348 
corresponded to a content of 1.4 mg L-1 N, 3.5 mg L-1 Cl and 5.6 mg L-1 F. Fig. S4 confirms the 349 
presence of 3.4 mg L-1 Cl− in the initial solution, but this concentration decreased gradually along 350 
the electrolysis. At 60 min, 12% of Cl− ion was converted to active chlorine (Cl2 + ClO−), with no 351 
traces of chlorine oxyanions (ClO2−, ClO3− and ClO4−) detected by ion chromatography. 352 
Transformation of fluoxetine by active chlorine was thus an additional degradation route, occurring 353 
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in concomitance with oxidation by oxygen radicals, presumably coagulation with Fe(OH)3, and 354 
UVA photolysis. The total amount of F− ion at 60 min was 3.0 mg L-1, which means that 46% of the 355 
initial F atoms where still contained in fluorinated by-products. The N atom of fluoxetine, as shown 356 
in Fig. S4, was very slowly converted into NO3− (only up to 0.12 mg L-1). Neither NO2− nor NH4+ 357 
ions were detected and dissolved TN was constant. Hence, the solution at 60 min contained many 358 
N-rich derivatives. From this analysis, the following reaction can be proposed for total 359 
mineralization of fluoxetine: 360 
C17H19F3NO+  +  36 H2O  →  17 CO2  +  3 F−   +  NO3−  +  91 H+  +  86 e−   (8) 361 
 In order to assess the limits of PEF treatment with 0.1 mM Fe(III)–EDDS (1:1) complex to 362 
degrade fluoxetine using the IrO2/air-diffusion cell at 50 mA, the effect of the initial drug 363 
concentration on the decay kinetics and the complex disappearance is presented in Fig. 2. Total 364 
disappearance within 60 min was obtained for fluoxetine concentrations up to 0.147 mM (i.e., 30 365 
mg L-1 TOC, Fig. 2a), whereas incomplete abatements resulted from more polluted solutions. This 366 
means that the oxidation (and coagulation) ability of the system gradually approached its maximal, 367 
as expected from the action of a quite constant amount of •OH, along with other oxygen radicals, 368 
active chlorine and Fe(OH)3, on a larger number of fluoxetine molecules. Furthermore, the increase 369 
in drug concentration also entailed the accumulation of a greater amount of intermediates that 370 
consumed oxidants (and Fe(OH)3). The slower degradation kinetics was reflected in the decreasing 371 
apparent rate constant, from k1 = 0.0986 min-1 (R2 = 0.987) at 0.049 mM fluoxetine to 0.0659 min-1 372 
(R2 = 0.998) at 0.147 mM and 0.0226 min-1 (R2 = 0.997) at 0.490 mM. On the other hand, Fig. 2b 373 
informs about the slower degradation of the Fe(III)–EDDS complex as the initial fluoxetine content 374 
became higher, which confirms the protective role of the organic pollutants mentioned above. In 375 
fact, at the two highest fluoxetine concentrations, the complex was not completely destroyed at 60 376 
min. Overall, these findings allow concluding that this PEF treatment was rather flexible, being 377 
feasible: (i) to quickly destroy micropollutants at low concentrations and (ii) to completely remove 378 
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pollutants from more contaminated solutions, more slowly, thanks to the larger stability of the 379 
catalytic complex. 380 
 Trying to achieve a faster drug decay by the Fe(III)–EDDS-catalyzed PEF treatment, the effect 381 
of the applied current was investigated. As can be observed in Fig. 3, the value of 50 mA employed 382 
so far can be actually considered as the optimum one. The disappearance was much quicker than 383 
that at 10 mA (k1 = 0.0559 min-1, R2 = 0.998), which additionally only attained a partial drug 384 
abatement, and slightly faster than that at 25 mA (0.0986 min-1 vs 0.0933 min-1). At 75 mA, the 385 
profile was a bit better, but the incremental energy cost was not accompanied by a substantial 386 
enhancement of the decontamination rate. For this reason, no greater currents were tested. In any 387 
case, it is evident that the applied current did not have a preponderant influence on the process 388 
performance. This allows considering the UVA irradiation as the core of this modified PEF process, 389 
since the photoreduction of the complex via reaction (5) is the key step to provide Fe2+ needed for 390 
•OH production. Since photoreduction has its own limited kinetics, a current increase mainly causes 391 
an excessive accumulation of H2O2 (reaction (1)) that cannot find enough Fe2+ ions. Therefore, the 392 
excess of H2O2 was partly used in parasitic reactions that consumed •OH and IrO2(•OH), such as 393 
reaction (S4). 394 
 As a preliminary study to further expand the use of Fe(III)–EDDS-catalyzed PEF process to 395 
urban wastewater treatment, some trials were carried out in model matrices with other electrolytes 396 
(always maintaining the same conductivity), trying to reveal the effect of anions typically found in 397 
such wastewater. In Fig. S5, the degradation profile in 0.043 M Na2SO4 + 0.013 M NaCl medium 398 
was exactly the same as that already commented in 0.050 M Na2SO4. Note that such concentration 399 
of Cl− ion is typical in secondary effluents from WWTFs (see subsection 2.2). Hence, this similarity 400 
suggests that, although active chlorine could potentially contribute to fluoxetine degradation, Cl− 401 
ion is also a hydroxyl radical scavenger that reduces the oxidation power of the PEF system. 402 
Chlorine radicals resulting from reactions (S15)-(S19) are less powerful and more selective than 403 
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hydroxyl radical, which is detrimental for fluoxetine transformation. Similarly, CO32− and HCO3− 404 
ions are known to scavenge the hydroxyl radicals via reactions (S22) and (S23) with fast kinetic 405 
constants. As a result, the decay of fluoxetine concentration  in a 0.042 M Na2SO4 + 0.009 M 406 
NaHCO3 mixture at natural pH ~ 8 was much slower, with only 77% disappearance at 60 min. In 407 
fact, such percentage was quite stable from ca. 30 min of electrolysis, which can be related to the 408 
presumed destruction of the catalytic complex around that time. Based on these results, it will be 409 
necessary to carry out some pre-treatment before addressing the PEF treatment of urban wastewater. 410 
3.2. Fluoxetine degradation in urban wastewater 411 
 Fig. 4 highlights the normalized fluoxetine concentration decays during the PEF treatment of 412 
0.049 mM drug solutions prepared in urban wastewater, using the IrO2/air-diffusion cell at 50 mA. 413 
Considering the characteristics of the wastewater summarized in subsection 2.2, it is important to 414 
mention that the solutions with the spiked drug contained almost 20 mg L-1 TOC, which is twice the 415 
value of most of the solutions studied in subsection 3.1, and their natural pH was 7.2. 416 
 The PEF treatments of Fig. 4a were made with 0.1 mM Fe(III)–EDDS (1:1) complex at natural 417 
pH 7.2. Using the raw wastewater, the drug disappearance at 60 min was as low as 53% instead of 418 
100% attained in 0.050 M Na2SO4 M (Fig. 1b). The higher TOC content may have a negative 419 
impact on the process performance, although probably of minor importance because Fig. 2a 420 
informed about the complete fluoxetine disappearance working up to 30 mg L-1 TOC. Therefore, 421 
the slower decay in wastewater can be rather accounted for by its particular composition, since it 422 
contained: natural organic matter (NOM) that competitively consumed UVA photons and reacts 423 
with oxygen radicals, and ions that act as radical scavengers, as shown from Fig. S5. The first 424 
feature was inherent from the matrix, but a proper conditioning could modify the second one. To 425 
this purpose, CO2 was stripped from the urban wastewater following the procedure explained in 426 
subsection 2.2. In the absence of CO32− and HCO3− ions, a faster and larger fluoxetine 427 
disappearance, reaching 78%, can be seen in Fig.4. The lower transparency of the wastewater and 428 
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its higher pH were two additional characteristics that affected negatively to fluoxetine removal, 429 
impeding that complete removal could be obtained, since they decreased the Fe2+ regeneration from 430 
reaction (5) and stimulated the precipitation of Fe(III) as Fe(OH)3. Note that after 60 min of 431 
treatment in water without and with stripping, the initial pH decayed down to 6.2 and 4.6, 432 
respectively. Based on the positive influence of stripping, all subsequent trials were made with 433 
conditioned urban wastewater. 434 
 For the same PEF treatment, the effect of solution pH is shown in Fig. 4b. As expected, a better 435 
performance was obtained at more acidic pH, achieving 51%, 78%, 86% and 94% at pH 9.0, 7.2, 436 
5.0 and 3.0. A lower pH value ensured that, as EDDS became destroyed, a larger amount of iron 437 
ions was dissolved rather than precipitated. This promoted a larger •OH production from 438 
conventional Fenton’s reaction (with uncomplexed Fe2+) and Fenton-like reaction (with 439 
uncomplexed Fe3+). At higher pH, coagulation with Fe(OH)3 acquired more relevance for fluoxetine 440 
degradation. 441 
 The effect of the Fe(III)–EDDS dosage at pH 7.2, keeping the 1:1 ratio, can be seen in Fig. 4c. 442 
It is interesting to remark that almost complete fluoxetine abatement was achieved using 0.20 mM 443 
of the catalytic complex, exhibiting a much faster decay during the 60 min as compared to PEF with 444 
0.10 mM of complex. The inset depicts the pseudo-first-order kinetics for both trials, yielding a 445 
greater k1 = 0.0246 min-1 (R2 = 0.996) at 0.20 mM. The upgraded abatement is in agreement with a 446 
higher amount of Fe2+ formed upon Fe(III)–EDDS photoreduction, which eventually fostered a 447 
much larger production of •OH from Fenton’s reaction. Nonetheless, despite the evident 448 
enhancement of drug disappearance upon increase of the Fe(III)–EDDS dosage, it was significantly 449 
slower than that in 0.050 M Na2SO4 with 0.10 mM of complex (k1 = 0.0986 min-1 , Fig. 1b). 450 
 The influence of another key parameter like the Fe(III):EDDS ratio, at pH 7.2, is depicted in 451 
Fig. 4d. In general terms, the performance was better as the relative EDDS amount was increased, 452 
although the greatest difference really appeared when PEF without EDDS was compared to all other 453 
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trials with EDDS. PEF with uncomplexed Fe(III) in the form of Fe(ClO4)3 yielded a very poor drug 454 
concentration decay (17% at 60 min), which was radically lower than that in Na2SO4 (83%, Fig. 455 
1b). Such bad result can be related to a larger iron precipitation due to the higher pH, as well as to 456 
complexation with non-photoactive NOM components. In contrast, the use of the 1:2 complex 457 
yielded a final abatement of 88%, being slightly superior to that obtained with the 1:1 complex. 458 
Although the former complex has been reported to be less photoactive (Wu et al., 2014) and EDDS 459 
contributes to scavenge some of the oxygen radicals, in practice the larger amount of EDDS 460 
contributed to iron solubilization for longer time, ending in a faster fluoxetine degradation. 461 
 The PEF treatment catalyzed with 0.20 mM Fe(III)–EDDS (1:1), which has been the most 462 
successful in wastewater as discussed from Fig. 4c at 50 mA, was assessed in terms of the influence 463 
of the applied current using the IrO2/air-diffusion cell. As evidenced in Fig. S6a, the behavior was 464 
globally similar to that found in Na2SO4. The lowest current (25 mA) was insufficient to yield the 465 
complete disappearance of fluoxetine, since the NOM components consumed most of the H2O2 466 
produced at the cathode. A higher current like 50 mA was optimal to electrogenerate enough H2O2 467 
that was able to react with photogenerated Fe2+ and then create •OH. A further increase in applied 468 
current was not efficient because the excess of H2O2 was wasted in parasitic reactions, as deduced 469 
from the analogous profile at 75 mA. Fig. S6b shows that when the IrO2-based anode was replaced 470 
either by BDD or a RuO2-based anode, at 50 mA, the decay profiles were exactly the same. This 471 
confirms that the dominant contribution to fluoxetine disappearance came from •OH generated in 472 
the bulk via Fenton’s reaction, rather than from M(•OH) adsorbed on the anode surface. 473 
 To gain further insight into the effect of the Fe(OH)3 precipitate on the performance of PEF 474 
process, an additional study was performed with solutions containing 0.049 mM drug and 0.050 M 475 
Na2SO4 at pH 7.2. Fig. S7 shows that, in the presence of 0.10 mM Fe2(SO4)3, only 5.4% of 476 
fluoxetine was abated at 60 min, suggesting a low coagulation ability of the Fe(OH)3 precipitate 477 
formed. This means that coagulation plays a minor role during the disappearance of fluoxetine. 478 
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Several electrochemical treatments were carried out using the IrO2/air-diffusion cell, at 50 mA. Fig. 479 
S7 evidences a higher drug decay (24%) in EO (i.e., without iron salt), which was upgraded in 480 
homogeneous PEF (36%) and even more in heterogeneous PEF (60%). In the case of homogeneous 481 
PEF, the solution containing fluoxetine, Na2SO4 and Fe2(SO4)3 was previously filtered, yielding 482 
0.13 mg L-1 of dissolved Fe3+. These results corroborate the oxidation of fluoxetine by IrO2(•OH) at 483 
the anode as well as by homogeneous •OH formed from the photo-Fenton (2) and Fenton’s reaction 484 
(S1). Furthermore, the much greater drug decay found in heterogeneous PEF corroborates its 485 
oxidation via heterogeneous Fenton’s reaction occurring at the Fe(OH)3 surface. 486 
 Although the main goal of this work was to investigate the ability of the Fe(III)–EDDS-487 
catalyzed PEF process to remove a target organic pollutant from urban wastewater, its 488 
mineralization ability was also tested. In previous assays, it has been demonstrated that the catalytic 489 
complex became gradually degraded, which means that the decontamination occurred in two 490 
consecutive stages: (i) the first one, where the •OH formed from Fenton’s reaction had the leading 491 
role, followed by (ii) a second one, where fluoxetine by-products and organic components from the 492 
wastewater were destroyed by the adsorbed M(•OH). During all the treatment, coagulation with 493 
Fe(OH)3 could also contribute to global mineralization, but with a minor role, as confirmed above. 494 
Aiming to enhance the oxidation power of the system, a BDD/air-diffusion cell and a higher current 495 
(100 mA) were employed to carry out these trials. Much lower TOC abatements were obtained 496 
using the IrO2 and RuO2 anodes due to their lower ability to produce oxidizing agents able to 497 
destroy the intermediates of fluoxetine and EDDS. 498 
 Fig. 5a shows the TOC decay trends for the PEF treatment of conditioned urban wastewater at 499 
pH 7.2 under three different conditions: with 0.10 mM Fe(III)–EDDS, either without or with 0.049 500 
mM fluoxetine, and with 0.20 mM of complex in the presence of fluoxetine. A similar decay rate 501 
can be observed in all cases, achieving close TOC removal percentages around 50% at 300 min. 502 
This means that a higher residual TOC was present in the final solution as the initial content was 503 
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increased. Hence, although the use of 0.20 mM Fe(III)–EDDS accelerated the decay of fluoxetine 504 
concentration (Fig. 4c), the TOC content at the end of the electrolysis was higher (20.8 mg L-1), 505 
probably due to a slower removal of the products of EDDS. PEF process is known to yield great 506 
TOC abatements, usually higher than 90%. The incomplete TOC removal found in this study can 507 
then be mainly accounted for by the very poor contribution of photodecarboxylation by reaction (9). 508 
Since most of the iron was precipitated during the first degradation stage, the refractory oxidation 509 
by-products like carboxylic acids (Salazar et al., 2017) tended to become largely accumulated in the 510 
solution. In conventional PEF at acidic pH, such molecules form complexes with Fe(III) that are 511 
very photoactive, but in the Fe(III)–EDDS-catalyzed PEF their photodegradation only occurred 512 
before EDDS destruction. Afterwards, all these intermediates were only degraded by BDD(•OH), 513 
probably with a minor contribution from coagulation with Fe(OH)3. 514 
Fe(OOCR)2+  +  hν  →  Fe2+  +  CO2  +  R•         (9) 515 
 In spite of yielding only a partial TOC abatement, it was more relevant to investigate the ability 516 
of the PEF process to reduce the overall toxicity. In Fig. 5b, the time course of toxicity (as EC50) 517 
during the treatment of 0.049 mM fluoxetine in wastewater employing 0.10 mM Fe(III)–EDDS 518 
(1:1) complex (Fig. 5a) is depicted. The toxicity increased during the first 60 min, which can be 519 
explained by the generation of N- and F-rich toxic reaction by-products (see subsection 3.3), 520 
thereby showing a gradual decay. Higher EC50 values can be seen from 60 min, attaining a plateau 521 
from 180 min. The final EC50 value was close to that of the raw urban wastewater (80-90 mg L-1). 522 
This result suggests that, although only 50% of TOC removal could be achieved at 300 min, 523 
detoxification was ensured. The absence of chlorine oxyanions (Fig. S4), the drug transformation 524 
into innocuous compounds and the generation of non-toxic products from EDDS justifies this trend. 525 
3.3. Primary reaction by-products and mechanism for pollutant degradation 526 
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 The GC-MS analysis of the organic compounds extracted upon different treatments revealed 527 
the generation of several by-products, which confirms the presence of nitrogenated and fluorinated 528 
aromatic derivatives at short electrolysis time, as mentioned above. 529 
 Table 1 collects the intermediates detected after 20 min of Fe(III)–EDDS-catalyzed PEF 530 
treatment of fluoxetine in 0.050 M Na2SO4 (i.e., trial of Fig. 1a). N-demethylation of fluoxetine (1) 531 
yielded an aminoderivative (2). Alternatively, upon C–O bond cleavage, fluoxetine could be split 532 
into two halves: 4-trifluoromethyl-phenol (3), which has been reported by Salazar et al. (2017) as 533 
well, and the N-derivative 3-phenylpropenal (5). If the previous cleavage occurred upon 534 
hydroxylation with •OH and M(•OH), a similar transformation was observed but with the 535 
generation of a deaminated derivative (4). Some of the aromatic structures could be successively 536 
converted to styrene (6), benzaldehyde (7) and benzoic acid (8), whereas those that kept the lateral 537 
chain with the N atoms could experience internal cyclization to yield a quinolone (9). Finally, acetic 538 
acid, in the form of an ester (10), was formed as one of the aliphatic short-chain carboxylic acids 539 
that are persistent to oxidation, thus justifying the high final TOC commented above. 540 
 The by-products detected under analogous conditions but in the wastewater matrix (i.e., trial of 541 
Fig. 4c, but using 0.20 mM Fe(III)–EDDS) are summarized in Table S3. Fluoxetine (1) was 542 
converted to compound (2), but in this case the formation of the trifluorinated derivative (3) was 543 
accompanied by the accumulation of a different aromatic molecule (11). The sequential route 544 
yielding consecutive compounds (6-8), as well as the internal cyclization to yield the cyclic amine 545 
(9) were confirmed. Nevertheless, the main characteristic in urban wastewater was the production 546 
of two chloro-organic derivatives: compound 12 appeared upon chlorination of 3, whereas 547 
compound 13 could be formed from chlorination in –CF3 position of 12, followed by esterification 548 
with phenylacetic acid. These chloro-aromatic molecules contributed to the enhanced toxicity 549 
during the first 60 min (Fig. 5b). In addition, two organic components of wastewater namely WW5 550 
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and WW7 (Table S2) still remained as part of the TOC determined. Fig. 6 presents the proposed 551 
degradation route for fluoxetine. 552 
 Based on the trends highlighted above for fluoxetine, TOC and iron species, a very detailed 553 
mechanism for the Fe(III)–EDDS-catalyzed PEF treatment in urban wastewater at near-neutral pH 554 
is proposed in Fig. 7. To simplify, hydrated Fe2+ and Fe3+ have been written as Fe(II) and Fe(III). 555 
The main characteristic of the Fe(III)–EDDS complex is its great photoactivity, yielding Fe(II) 556 
either chelated with EDDS or in the uncomplexed form as written in reaction (5). The powerful 557 
oxidant •OH is then generated upon participation of electrogenerated H2O2. In addition, the catalytic 558 
complex can react with H2O2 to produce HO2•, or be gradually degraded by •OH and M(•OH). As a 559 
minor route, it can be electroreduced to Fe(II)–EDDS. The products of all these reactions, namely 560 
Fe(II), Fe(III) and Fe(II)–EDDS, then give rise to some crucial routes. At near-neutral pH and in the 561 
presence of O2, free and complexed Fe(II) tend to be oxidized to free Fe(III), which is photoreduced 562 
via photo-Fenton reaction or precipitated as Fe(OH)3 once the EDDS becomes degraded. As shown 563 
in Fig. 7 and Table S1, several radicals can be formed. Considering all this, fluoxetine and NOM 564 
components can be removed by: (i) direct anodic oxidation, (ii) indirect oxidation via adsorbed 565 
M(•OH) and •OH (and other oxygen radicals) in the bulk, as well as by active chlorine and chlorine 566 
radicals (see reactions in Table S1), (iii) coagulation with Fe(OH)2 and Fe(OH)3 (with a minor role) 567 
and (iv) direct phototransformation. Note that some iron precipitates might be photoactive, but this 568 
is not shown in the mechanism because the photoactivity of Fe(OH)3 is expected to be insignificant 569 
(Pehkonen et al., 1993). 570 
4. Conclusions 571 
 The total removal of organic pollutants like fluoxetine in urban wastewater at near-neutral pH 572 
is feasible by a novel PEF process with Fe(III)–EDDS as catalyst. In particular, the use of an 573 
IrO2/air-diffusion cell at 50 mA with 0.20 mM of catalytic complex caused the disappearance of 574 
25 
 
fluoxetine in 60 min. Fe(III)-EDDS showed a greater photoreduction ability than uncomplexed 575 
Fe(III). This, along with the larger solubility of iron ions, ended in a higher concentration of Fe(II) 576 
ions and hence, a greater •OH production from Fenton’s reaction. TOC abatement occurred in two 577 
consecutive stages. In the first one, •OH had the leading role, accompanied by other oxygen 578 
radicals. In a second stage, once the EDDS was degraded and most of iron ions became 579 
precipitated, fluoxetine by-products and organic components from the wastewater were destroyed 580 
by the adsorbed M(•OH). During all the treatment, coagulation with Fe(OH)3 also contributed to 581 
global TOC decay, whereas active chlorine, chlorine radicals and heterogeneous Fenton’s reaction 582 
had a minor importance. Stripping of wastewater with nitrogen had a positive effect, since it 583 
removed scavengers like CO32− and HCO3−. A low current was enough to reach the best 584 
performance, since the •OH production was limited by the Fe(III)-EDDS photodegradation kinetics. 585 
An excess of H2O2 electrogeneration at higher current was detrimental because it consumed 586 
hydroxyl radicals. TOC abatement was incomplete (50% at 300 min) due to poor contribution of 587 
photodecarboxylation of refractory aliphatic by-products like carboxylic acids, which only occurred 588 
before total EDDS destruction. However, total detoxification was ensured. In conclusion, this new 589 
PEF treatment was quite flexible since it allowed the treatment of low concentrations of pollutants, 590 
in a quicker manner, or high concentrations, more slowly, thanks to the larger stability of the 591 
catalytic complex. A thorough mechanism for the removal of the organic matter has been proposed. 592 
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Fig. 1. Normalized fluoxetine concentration vs. electrolysis time during different treatments of 150 
mL of 0.049 mM drug solutions with 0.050 M Na2SO4 at natural pH ~ 5.7. In the electrochemical 
assays, an IrO2/air-diffusion cell was used at 50 mA and 25 ºC. In (a), () UVA photolysis, () UVA 
photolysis with 0.10 mM Fe(III)–EDDS (1:1) complex, (×) EO, () EF with 0.10 mM Fe(III)–EDDS 
(1:1) complex and () EF with 0.10 mM FeSO4. In (b), () PEF with 0.10 mM Fe(ClO4)3, () PEF 
with 0.10 mM FeSO4 and () PEF with 0.10 mM Fe(III)–EDDS (1:1) complex. The inset panel 



















































Fig. 2. Effect of fluoxetine concentration on the change of (a) normalized drug content and (b) 
normalized concentration of Fe(III)–EDDS (1:1) complex with electrolysis time during the PEF 
treatment of 150 mL of fluoxetine solutions with 0.10 mM Fe(III)–EDDS (1:1) complex and 0.050 
M Na2SO4 at natural pH ~ 5.7 using an IrO2/air-diffusion cell at 50 mA and 25 ºC. Fluoxetine content: 
























































Fig. 3. Influence of applied current on the normalized fluoxetine concentration vs. electrolysis time 
during the PEF treatment of 150 mL of 0.049 mM drug solutions with 0.10 mM Fe(III)–EDDS (1:1) 
complex and 0.050 M Na2SO4 at natural pH ~ 5.7 and 25 ºC using an IrO2/air-diffusion cell. Current: 































Fig. 4. Time course of normalized fluoxetine concentration during the PEF treatment of 150 mL of 
0.049 mM drug solutions in urban wastewater using an IrO2/air-diffusion cell at 50 mA and 25 ºC. (a) 
() Without and () with stripping, employing 0.10 mM Fe(III)–EDDS (1:1) complex at natural pH 
7.2. (b) With stripping, employing 0.10 mM Fe(III)–EDDS (1:1) complex at pH: () 3.0, () 5.0, 
() 7.2 and () 9.0. (c) With stripping, employing () 0.10 mM or () 0.20 mM Fe(III)–EDDS 
(1:1) complex at natural pH 7.2. The pseudo-first-order kinetic analysis is shown in the inset panel. 
(d) With stripping, employing () 0.10 mM Fe(ClO4)3, () 0.10 mM Fe(III)–EDDS (1:1) complex 

























































Fig. 5. (a) Change of TOC with electrolysis time during the PEF treatment of 150 mL of urban 
wastewater after stripping at natural pH 7.2 using a BDD/air-diffusion cell at 100 mA and 25 ºC. The 
solution contained () 0.10 mM Fe(III)–EDDS (1:1) complex, without drug, () 0.049 mM 
fluoxetine + 0.10 mM Fe(III)–EDDS (1:1) complex and () 0.049 mM fluoxetine + 0.20 mM Fe(III)–















































































Fig. 6. Degradation route proposed for fluoxetine during the Fe(III)–EDDS-catalyzed PEF treatment 















































































Products detected by GC-MS using a non-polar (NP) or polar (P) column after 20 min of PEF treatment of 150 
mL of a 0.049 mM fluoxetine solution with 0.10 mM Fe(III)–EDDS (1:1) complex and 0.050 M Na2SO4 at 
natural pH ~ 5.7 using an IrO2/air-diffusion cell at 50 mA and 25 ºC. 








































NP 16.63 131, 103, 77, 51 
6 Styrene 
 





















106, 77, 51 
8 Benzoic acid 
 




NP 21.16 147, 132, 118, 91 




NP 18.34 143, 103, 43 
 
O
HO O
N
HO O
OH
O
